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NUTRIENT RETENTION, NUTRIENT LIMITATION,
AND SEDIMENT-NUTRIENT INTERACTIONS

IN A PASTURE-DOMINATED STREAM

I. Chaubey,  D. Sahoo,  B. E. Haggard,  M. D. Matlock,  T. A. Costello

ABSTRACT. Even though agricultural land use is a principal source of nonpoint-source pollution, the in-stream movement and
transport of nutrients and their interaction with benthic sediments are not well understood. The objectives of this study were
to: (1) assess if nutrients were limiting algal growth, (2) assess equilibrium between sediments and water column phosphorus
(P), (3) evaluate spatial and temporal variability in P buffering capacity and easily exchangeable P, and (4) evaluate
variations in stream nutrient retention efficiency in Moore’s Creek, a pasture-dominated watershed in northwest Arkansas.
This study used nutrient limitation bioassays, sediment nutrient extractions, and short-term nutrient injections to accomplish
the study objectives. Results suggested that light, not nutrients, was limiting algal growth in Moore’s Creek. Sediment
equilibrium P concentration measurements suggested that sediments may be releasing dissolved inorganic P during winter
and spring; however, sediments were a potential temporary sink of dissolved inorganic P during summer and fall.
Exchangeable P concentrations varied between 0.4 and 1.0 mg kg−1 of dry sediments, and P sorption index varied between
3.2 and 5. Concentrations of ammonia nitrogen (NH4−N) and ortho P (PO4−P) generally decreased between sampling stations
during nutrient injections at all three sites; however, nitrate N (NO3−N) concentrations increased downstream. A significant
retention of NO3−N was not observed in any of the experiments, indicating that agricultural headwater streams may be a
source of downstream NO3−N transport. The results indicated that a riparian cover should be maintained in nutrient-rich
headwater streams in order to minimize algal production in the streams. Even nutrient-rich streams may continue to
assimilate, to some extent, increased loads of P, altering the timing and magnitude of downstream transport of P.
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quatic systems have an intrinsic ability to assimi-
late nutrients and have a capacity to sustain a cer-
tain degree of nutrient loading. When nutrient
loading in a stream exceeds its assimilative ca-

pacity, water becomes eutrophic, resulting in reduced nutri-
ent retention efficiency of the stream. Retention, cycling, and
export of nutrients from watersheds are greatly influenced by
processes occurring within a stream (Meyer and Likens,
1979). Nutrient retention efficiency indicates the rate at
which nutrients cycle between the dissolved state in the water
column, benthic sediments, and biota of the stream (Stream
Solute Workshop, 1990).
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Downstream transport of nutrients during base flow
conditions is affected by microbial uptake and abiotic
sorption. When a nutrient travels downstream, it may cycle
from the dissolved inorganic form in the water column to the
particulate  form and back to the water column in dissolved
inorganic form. The number of nutrient cycles within a given
stream reach depends on the spiraling length (S), the
downstream distance required to complete a nutrient cycle
(Elwood et al., 1983). Spiraling length is the summation of
uptake length (Sw) and turnover length (SB) and indicates
nutrient retention efficiency of the stream (Marti and Sabater,
1996); Sw is the distance a nutrient molecule travels in
dissolved inorganic form before it is taken up from the water
column, and SB is the distance a nutrient molecule travels in
particulate form before it is released in inorganic form to the
water column. Sw is a major component of S, generally
constituting greater than 90% of the S (Newbold et al., 1983;
Stream Solute Workshop, 1990). Measurement of Sw can be
used to assess the nutrient retention efficiency of the stream
(Meyer et al., 1999). The value of Sw has been shown to
depend on stream hydrologic properties such as velocity and
flow depth (Stream Solute Workshop, 1990). Davis and
Minshall (1999) argued that the mass transfer coefficient (vf),
calculated as a function of Sw, stream flow, and velocity,
should be used to compare nutrient dynamics in streams that
have different hydrologic properties. Various abiotic and
biotic processes have been shown to influence the values of
Sw and vf in streams (Klotz, 1988; Elwood et al., 1981; Lock
et al., 1990).

A



36 TRANSACTIONS OF THE ASABE

Sorption of nutrients by benthic sediments is an abiotic
process that may influence nutrient retention in streams,
especially P. Benthic sediments have been shown to influence
the water column P concentrations by adsorption or desorp-
tion in aquatic systems (Klotz, 1988; Meyer, 1979) and may
buffer increasing P loads in streams (Haggard et al., 1999).

Water column P and benthic sediment interactions can be
quantified using the P sorption index (PSI) and sediment
equilibrium P concentration (EPC0). The PSI is unitless and
is a single-point measurement of the ability of sediments to
adsorb P (Bache and Williams, 1971). Sediment EPC0 is the
concentration of the dissolved P in the water column when
the net sorption on sediments is negligible (Klotz, 1988).
When water column P is greater than sediment EPC0,
sediments may temporarily store P by adsorbing water
column P, whereas if the water column P is less than sediment
EPC0, sediments may release P to the water column (House
et al., 1995; Meyer, 1979). However, abiotic processes are not
the only mechanism by which nutrients are retained in
streams; Haggard et al. (1999) reported that 38% of the P
retention in streams could be attributed to biotic processes.

When biotic processes, such as microbial and algae uptake
of nutrients, are important, the limiting nutrient may be
efficiently retained in the stream. Generally, the ratio of N to
P gives some indication of the limiting nutrient in the system
(Redfield, 1958; Allan, 1995); however, nutrient concentra-
tions in the system can be great enough that nutrient
limitation does not occur. The presence of various forms of
N and P, including nitrate N (NO3−N), ammonia N, (NH4−N),
dissolved inorganic P (DIP), dissolved organic P (DOP), and
particulate  organic P (POP), in an aquatic system makes it
difficult for predicting the actual limiting nutrient strictly
from an N:P ratio (Morris and Lewis, 1988). In addition,
factors such as micronutrients or light may be limiting
periphyton growth (Wold and Hershey, 1999). A biological
assessment of limiting nutrients can help identify the
relationship between nutrient availability and algal growth.

Even though agricultural land use has been identified as
the principal contributor of nonpoint-source (NPS) pollution
(Sharpley et al., 1994), most studies in agricultural catch-
ments have focused on measurement and modeling of the
import of nutrients to the stream environments (Sharpley et
al., 2002, 2001). Very few studies have assessed the
movement and transport of nutrients within the stream
ecosystems, especially in pasture-dominated watersheds
(Haggard et al., 2001; Macrae et al., 2003). Most studies of
nutrient transport and retention have been conducted in
nutrient-depleted  headwaters such as forested streams and
desert streams (D’Angelo at al., 1991; Meyer, 1979;
Newbold et al., 1983; Grimm, 1987; Grimm and Fisher,
1986). Understanding solute dynamics and various in-stream
processes in pasture-dominated streams may help develop
watershed management plans for NPS pollution and provide
insight into better ecological management practices in the
watershed.

The goal of this study was to assess nutrient-limiting algal
growth, sediment-nutrient interactions, and nutrient reten-
tion efficiency in Moore’s Creek, a stream impacted
primarily by pasture land use. The objectives of this study
were to: (1) assess if nutrients were limiting algal growth,
(2) assess equilibrium between sediments and water column
P, (3) evaluate spatial and temporal variability in P buffering

capacity and easily exchangeable P, and (4) evaluate
variation in stream nutrient retention efficiency using
short-term nutrient additions.

STUDY SITE DESCRIPTION
Nutrient injections, sediment extractions, and per-

iphytometer deployment and harvesting were conducted at
site 1 (most upstream site), site 2 (middle site), and site 3
(most downstream site) in Moore’s Creek during June 2002
and January, March, and June 2003 (fig. 1). Moore’s Creek
is a spring-fed second-order stream that is a part of the Illinois
River basin in northwest Arkansas. The headwater streams of
the Illinois River basin have alluvial gravel, riffle-pool
geomorphology (Brussock et al., 1985). Streams substrates in
this river basin are dominated by limestone, sandstone, and
shales and have a karst topography.

The drainage area of Moore’s Creek is approximately
2,120 ha (Vendrell et al., 1997). The major land uses in the
watershed are pasture (62%), forest (26%), and urban (7%).
Cotter (2002) reported that the watershed had 10 active
poultry houses and 13 inactive poultry houses with an annual
manure application rate 5,600 kg ha−1 pasture in the
watershed. Excessive land application of animal manure in
the watershed has led to degradation of surface and ground
water caused by runoff of N and P, sediments, and pathogens
(Edwards et al., 1996).

The presence or absence of trees differentiated the riparian
area of the three study sites. Site 1 had negligible riparian forest
and was dominated by pasture land use and cattle grazing on
both sides of the stream, whereas the downstream sites had
riparian areas dominated by tall trees such as sycamore, river
birch, black willow, osage orange, and black walnut ranging in
width from 30 to 500 m. Mean tree height in the study sites was
20 m. The percent canopy cover at these sites ranged from less
than 10% at site 1 to about 60% at site 3.

Figure 1. Moore’s Creek watershed with location of stream gauge and
stream reaches used in this study.
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MATERIALS AND METHODS
ALGAL NUTRIENT LIMITATION

Nutrient limitation to algal growth was assessed at all
three sites by deploying passive diffusion periphytometers
(Matlock et al., 1998) for 15 days each in June 2002, January
2003, March 2003, and June 2003. In order to test the
hypothesis that lack of light was limiting the response of
periphyton to nutrient enrichment, an additional periphytom-
eter was deployed upstream from site 1 in June 2003 in a
stream segment devoid of any riparian trees (i.e., no shade).
The passive diffusion periphytometers were constructed with
1.52 × 1.52 m utility cattle panel (4 mm welded wire).
Pontoons were constructed of 1.52 m lengths of 10 cm PVC
pipe, with end caps glued on both sides. Two pontoons per raft
were attached using stainless steel hose clamps. The pon-
toons floated the rack near the stream-atmosphere interface.

Forty bottles (HDPE, 250 mL) were used as reservoirs
containing the treatment nutrients. The four treatments, each
with ten replicates, were: (1) 2 mg L−1 of PO4−P from
NaH2PO4·7H2O (treatment P), (2) 20 mg L−1 of NO3−N from
NaNO3 (treatment N), (3) 2 mg L−1 of PO4−P from
NaH2PO4·7H2O plus 20 mg L−1 of NO3−N from NaNO3
(treatment N+P), and (4) distilled water (control treatment).
The treatment concentrations were 10 to 20 times greater
than the ambient nutrient concentration in the stream, as
suggested by Matlock et al. (1998). The treatments were put
in marked bottles, and the bottle openings were covered by
nylon membrane (47 mm diameter, 0.45 �m pore size) and
a glass fiber filter (42.5 mm, Whatman 934-AH). An
aluminum screen (household variety, 300 × 300 mm square
mesh) covered the top of the bottles and growth substrate to
prevent grazing of the algae by macroinvertebrates or
vertebrates (such as fish). The bottles were arranged on the
rack following a randomized block design with eight
treatments per block arranged in five rows.

Stream water samples were collected during the period of
deployment.  Three replicates of approximately 250 mL of
unfiltered water were collected in HDPE bottles for NO3−N
analysis, and approximately 40 mL of filtered water
(0.45 �m) was collected in glass vials using HDPE syringes
for PO4−P analysis.

When periphytometers were harvested, the glass fiber
filters were carefully removed from the bottle and stored in
pre-labeled glass vials with 5 mL of aqueous acetone
saturated with magnesium carbonate, wrapped in aluminum
foil, and kept in the dark on ice until returned to the
laboratory. After returning to the laboratory, the samples
were frozen until analyzed. All samples were analyzed for
chlorophyll-a (Chl-a) using the trichromatic method (APHA,
1998) using a spectrophotometer (Spectronic Genesys 2).

SEDIMENT EXTRACTIONS
Sediment samples were collected during the first week of

the periphytometer deployment. At each site, about 2 L of
unfiltered stream water, 250 mL of unfiltered stream water,
and about 20 mL of filtered stream water were collected from
the middle of the stream perpendicular to the flow direction.
Stream discharge, pH, temperature, conductivity, salinity,
and dissolved oxygen were measured at each of the
sediment-sampling  stations. At each site, three transects
perpendicular  to the flow direction were established. Benthic
sediments were collected from the top 2 to 5 cm of streambed

using a trowel along each transect and were kept in plastic
bags. Three replicates (n = 3) of sediment and water samples
were collected at each site. The sediment and water samples
were stored in the dark on ice until transported to the
laboratory. The water samples were analyzed for NO3−N,
NH4−N, total Kjeldahl N (TKN), PO4−P, and total P (TP).

Immediately after return to the laboratory, the sediments
samples were sieved using a 4.76 mm sieve, and the fraction
of sediments less than 4.76 mm was used in the extractions
to determine sediment EPC0, PSI, and exchangeable P
(Ex−P) concentration.

To measure sediment EPC0, 100 mL of filtered (0.45 µm)
stream water was spiked with additional PO4−P (0, 0.05, 0.1,
and 0.2 mg L−1 PO4−P) and added to approximately 25 g of
fresh, wet sediment. The sediment solution was shaken for
1 h in a reciprocating shaker at 100 rpm. The sediment
solution was also vigorously shaken manually every 15 min.
After 1 h, the sediment solution was removed from the
shaker, and sediments were allowed to settle for 30 min.
About 15 to 20 mL of the supernatant was filtered into
pre-labeled 20 mL scintillation vials using a vacuum filtering
unit and nylon filter membranes (0.45 �m, Nylaflo nylon
membrane).  The aliquots were stored at 4°C until analyzed
for PO4−P concentration. The remaining sediment slurry was
transferred to pre-weighed, pre-labeled aluminum pans and
dried for 48 h at 80°C in an oven to determine sediment dry
mass. Sediment EPC0 was estimated as the x-intercept of the
regression line with PO4−P concentration as independent
variable and the amount of P sorbed as dependent variable
(Klotz, 1988).

The PSI was determined by adding 100 mL of filtered
stream water spiked with an additional 2 mg L−1 of PO4−P
solution (Bache and Williams, 1971). About 20 to 30 g of
fresh, wet sediments was added to 100 mL of the aqueous
solution. Sediment extraction methods were similar to EPC0
sediment extraction. The PSI was calculated as:

 
 C

X

log
PSI =  (1)

where X is the amount of PO4−P adsorbed (mg kg−1 dry sedi-
ments) from the initial concentration of 2 mg L−1, and C is the
final nutrient concentration (mg L−1) in solution after 1 h.

Exchangeable  P (Ex−P) is a conservative estimate of
easily available P for release from benthic sediment to the
water column. Ex−P was determined by adding about 20 to
30 g of fresh sediments to 100 mL of 1M MgCl2 (Ruttenburg,
1992). Sediment extraction methods were similar to sedi-
ment EPC0 extractions. The exchangeable nutrient con-
centration was determined as mg nutrient kg−1 dry sediment:

 
masssedimentdry

0.1L*Lnutrientmg
P−Ex

−1
=  (2)

SHORT-TERM NUTRIENT INJECTION

Nutrient injections were conducted during the second
week of the periphytometer deployment. At each study site,
a reach length of approximately 100 m was selected, and five
sampling stations were marked within the reach length.
Three 250 mL background water samples along a transect
perpendicular  to the flow direction, and downstream of a
riffle, were collected at each sampling site immediately
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before the start of each injection. First, the water samples
were collected at the most downstream sampling station,
followed sequentially by the next upstream station. The three
collected unfiltered water samples were composited, and a
250 mL unfiltered water sample and a 50 mL of composite
filtered sample were subsequently collected. Water samples
were filtered using a 25 mm, 0.45 �m nylon membrane
(Nylaflo nylon membrane, Cole-Parmer) and HDPE sy-
ringes. All water samples were stored in the dark and on ice
until returned to the laboratory.

A Mariotte bottle was used for nutrient injection. Nitrogen
in the form of NH4NO3, P in the form of Na2HPO4, and Cl−
in the form of NaCl were used in the nutrient injection
solution. Cl− was used as a conservative solute (tracer) for
dilution correction. The desired changes in concentration
above ambient concentration for added PO4−P, NO3−N, and
NH4−N at Moore’s Creek were 0.03, 0.1, and 0.1 mg L−1,
respectively. The amount of solute in the solution was
calculated using the required concentration, the flow rate of
the stream, and the injection rate. The Mariotte bottle emitter
was calibrated to allow a flow of 0.002 L s−1. The stream flow
was measured one day before the injection and was used to
calculate the required solute concentration.

Each injection was started approximately 10:30 a.m.
Conductivity was measured at 1 min intervals at the most
upstream sampling station and the most downstream sam-
pling station using 115 A Plus Orion and YSI conductivity
meters. Once the conductivity reached plateau at the most
downstream sampling station, water samples were collected
at the five sampling stations using the methods discussed
previously and the injection was stopped. Conductivity was
measured at 1 min intervals at the last sampling station until
it decreased to background conditions. Properties such as
water depth, stream width, and cross-sectional area were
measured at ten different transects spaced uniformly within
each study reach. Stream velocity and depth measurements
were taken at 0.3 m stream width increment at the first and
last sampling stations after the short-term nutrient injections.
Stream discharge was estimated as a product of stream
cross-sectional area and velocity (Hauer and Lamberti,
1996).

Nutrient concentrations during injections were corrected
for background concentrations, and Cl− was used for dilution
correction of groundwater inflow. In order to estimate the
uptake length, the corrected nutrient concentration (Cx) at
each sampling station was divided by the corrected nutrient
concentration at the first station (C0) and regressed against
distance (x) downstream from first sampling station:

 kx
x eCC −= *0  (3)

 kx
C

Cx −=






0
ln  (4)

where k is the nutrient uptake coefficient (m−1), and the nutri-
ent uptake length (Sw) was estimated as the inverse of k. The
value of Sw was estimated only when regression between
ln(Cx/C0) and x was significant (p < 0.1).

The mass transfer coefficient (vf, m s−1) for nutrients was
calculated as follows (Davis and Minshall, 1999):

 
w

f S

v * d
v =  (5)

where v is water velocity (m s−1), d is mean water depth (m),
and Sw is uptake length (m). The value of vf represents the ve-
locity at which nutrients in the water column move toward
benthic sediments and quantifies the demand for nutrients
relative to the supply in the water column (Hall et al., 2002).

WATER QUALITY ANALYSIS

The collected water samples were delivered to the
Arkansas Water Resources Center Water Quality Laboratory
for analysis of NO3−N, NH4−N, TKN, PO4−P, and TP.
NO3−N was analyzed by the ion chromatography method
(EPA-300-0), NH4−N and TKN were analyzed by the
salicylate method (EPA-351-2), TP was analyzed by the
sulfuric acid-nitric acid digestion method followed by
ascorbic acid reduction (4500 P-B; APHA, 1998), and PO4−P
was analyzed by the ascorbic acid reduction method (EPA
365.2). The total number of replicates (n) analyzed for each
parameter was 11.

STATISTICAL ANALYSIS

Effects of nutrient enrichment (N, P, and N+P as treatment
variables) on Chl-a production as a response variable were
analyzed using Tukey’s test for between-subjects factorial
analyses of variance (Sheskin, 2000). A single-factor analy-
sis of variance was performed to assess if statistically
significant differences existed among sediment EPC0 values
across sites and seasons, and to compare mean differences
between sediment EPC0 and PO4−P concentrations (Sheskin,
2000). Similarly, a single-factor analysis of variance was
performed to compare mean differences in Ex−P concentra-
tions among study sites and seasons. In all statistical analyses
performed, the data were assumed to be normally distributed
and the level of significance (�) used was 0.1.

RESULTS AND DISCUSSIONS
WATER QUALITY

Baseflow water quality data showed spatial and temporal
variations in nutrient concentrations in Moore’s Creek
(figs. 2 and 3). NH4−N concentration varied between <0.01
(below detection limit) to 0.07 mg L−1 on all sampling dates.
There was a distinct temporal difference in average ambient
NH4−N concentration in Moore’s Creek (p = 0.0001), where
the concentration was greatest in high-temperature months
(June 2002 and June 2003) and below detection limits in
low-temperature  months (January 2003 and March 2003)
(fig. 2). Mineralization rates in stream water may have been
relatively less during winter (January 2003) compared to
summer, limiting NH4−N detection in water samples.
Measured NH4−N concentrations were greatest at site 1
compared to sites 2 and 3 (p = 0.002) during June 2002
(fig. 2). However, concentrations were not statistically
different between the sites during January 2003, March 2003,
and June 2003 experiments.

Average NO3−N concentration varied between 0.22 and
0.83 mg L−1 on all sampling dates (fig. 2). A distinct temporal
variation (p = 0.01) in average NO3−N concentration was
observed, where NO3−N concentrations were greater during
winter (January 2003) and spring (March 2003) and least
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Figure 2. Water quality data showing average (error bars indicate ±1
standard deviation) ambient NH4−N, NO3−N, and TKN concentrations in
Moore’s Creek during study periods.

during summer (June 2002 and June 2003). Other studies
(Nelson et al., 2001) observed a similar pattern of seasonal
variation in NO3−N concentration in Moore’s Creek. Season-
al variation in NO3−N concentration can be attributed to vari-
ous biotic processes, plant uptake, and denitrification in
riparian and terrestrial zones (Hubbard and Sheridan, 1983;
Lowrance et al., 1995, 2000). A significant spatial difference
(p = 0.003) in NO3−N concentration existed between study
sites. In all the experiments, the NO3−N concentration was
greater at site 2 compared to sites 1 and 3.
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Figure 3. Water quality data showing average (±1 standard deviation)
ambient PO4−P and TP concentrations in Moore’s Creek during study pe-
riods.

A seasonal variation (p = 0.0001) in TKN concentration
was also observed. Average TKN concentration at the three
sites ranged between 0.24 and 0.73 mg L−1 (fig. 2). The
greatest TKN concentration was observed during high-tem-
perature months (June 2002 and June 2003) compared to the
other months. TKN concentrations were statistically similar
between the sites in June 2002 and March 2003. However,
spatial variation in TKN concentration was observed during
January 2003 and June 2003, where the greatest TKN
concentration was measured at site 1 and generally decreased
farther downstream.

Average PO4−P concentrations in Moore’s Creek varied
between 0.01 and 0.09 mg L−1 (fig. 3). Temporal variation in
PO4−P concentration was observed, where concentrations
were least during spring and winter months (January 2003
and March 2003) and greatest during summer months (June
2002 and June 2003). Measured PO4−P concentrations at
sites 2 and 3 were significantly greater (p = 0.0001) than at
site 1. However, no significant difference in measured PO4−P
concentrations was found between site 2 and 3. In June 2002,
a few water samples at site 3 (only) were collected one day
after a storm event, and these samples likely did not truly
represent base flow conditions in Moore’s Creek. When these
samples were not included in the average concentration
estimation of PO4−P, a trend similar to other experiment
months was observed.

Average TP concentration at all the three sites varied
between 0.03 and 0.14 mg L−1 (fig. 3). These data also
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Table 1. Mean discharge, velocity, depth, and width of the study
reaches during different experiments in the 15-day period at

site 1, site 2, and site 3 on Moore’s Creek in June 2002,
January 2003, March 2003, and June 2003.

Sampling
Date

Discharge[a]

(m3 s−1)
Velocity
(m s−1)

Water
Depth

(m)

Water
Width

(m)

June 2002
17 June Site 1 7.5 × 10−3 2.5 × 10−2 6.7 × 10−2 4.3
18 June Site 2 3.7 × 10−3 2.0 × 10−2 7.8 × 10−2 3.4
19 June Site 3 6.8 × 10−3 5.3 × 10−2 3.7 × 10−2 5.7

January 2003
27 Jan. Site 1 8.3 × 10−3 2.0 × 10−2 7.4 × 10−2 5.9
24 Jan. Site 2 13.0 × 10−3 12.0 × 10−2 9.5 × 10−2 3.0
25 Jan. Site 3 10.0 × 10−3 8.0 × 10−2 6.8 × 10−2 5.4

March 2003
17 Mar. Site 1 18.0 × 10−3 4.7 × 10−2 9.2 × 10−2 5.4
23 Mar. Site 2 80.0 × 10−3 22.0 × 10−2 13 × 10−2 3.7
24 Mar. Site 3 42.0 × 10−3 11.0 × 10−2 7.4 × 10−2 7.5

June 2003
14 June Site 1 10.0 × 10−3 6.3 × 10−2 6.1 × 10−2 4.8
15 June Site 2 9.8 × 10−3 4.2 × 10−2 10 × 10−2 3.0
15 June Site 3 8.7 × 10−3 5.7 × 10−2 5.7 × 10−2 4.9

[a] Discharge variability among sampling sites was due to difference in
sampling dates or rainfall occurring between the successive sampling
events.

suggested a temporal variation in TP concentration (p =
0.0001), where greater TP concentrations were observed dur-
ing summer (June 2002 and June 2003) and lower concentra-
tions were observed during winter (January 2003) and spring
(March 2003); this trend was similar to that observed with
PO4−P concentration. There was no consistent trend in mea-
sured TP concentrations observed between sites.

HYDROLOGIC AND CHANNEL PROPERTY OF STREAM

Discharge in Moore’s Creek ranged between 0.004 and
0.08 m3 s−1 (table 1) during base flow conditions that existed
under experimental conditions. Mean discharge was usually
greater in winter (January 2003) and spring (March 2003) and
lower in summer (June 2003) at all three sites. Maximum
measured discharge was observed at site 2 during the March
2003 experiment. Similarly, average water velocity and
depth increased during winter and spring months and
decreased during summer months. Similar to discharge, the
maximum water velocity was measured at site 2. However,
the maximum average flow width was observed at site 3 in
the March 2003 experiment.

LIMITING NUTRIENT

For all sites, no significant difference in Chl-a production
due to treatment effects (N, P, and N+P) was observed,
indicating that nutrients (N and P) were not limiting algal
growth in any season (fig. 4). Chlorophyll-a content on the
artificial growth substrate followed a similar trend between
sites during June 2002 and June 2003, where Chl-a content
was greater at site 1 compared to sites 2 and 3 (p = 0.001)
(fig. 4). However, Chl-a content was similar among all three
sites during January 2003 and March 2003. The spatial
differences in incident light on periphytometers due to
relative difference in canopy cover at three sites (i.e., width
of riparian forest ranging from 0 to 500 m) may have caused
a variation in Chl-a content between sites during June 2002
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Figure 4. Average (error bars indicate ± 1 standard deviation) chloro-
phyll -a content for C, N, P, and N+P treatments at Moore’s Creek during
study periods.
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and June 2003. However, similar Chl-a content between sites
during January 2003 and March 2003 may have been due to
lack of leaves in the riparian forest, resulting in similar inci-
dent light at all the three sites. A temporal variation in light
due to changes in canopy cover likely resulted in greater Chl-
a content during winter and spring sampling at sites 2 and 3.
Lack of seasonal difference in the Chl-a content at the most
upstream site was likely because light availability was simi-
lar across the seasons due to a negligible riparian forest.

To test the hypothesis that light, and not nutrients, was
limiting algal production in Moore’s Creek, we installed a
periphytometer  at a site (site 1a) upstream from the site 1 in
June 2003. This site was completely devoid of any riparian
forest; hence, light limitation due to shading did not occur at
this site. Incident light on the periphytometer at each site was
measured using an LI-192S quantum sensor (Li-Cor Corp.,
Lincoln, Neb.) twice a day on two different dates with clear
sky conditions between 9:00 a.m. and 12:00 noon and
between 4:00 and 6:00 p.m. Average incident light intensities
were 1656, 450, 41, and 36 �mol s−1 m−2 at sites 1a, 1, 2, and
3, respectively, showing that average light availability at
sites 1a and 1 was significantly greater than at the other two
sites (p = 0.001). Chl-a contents from various treatments from
this site in comparison with the other sites are shown in
figure 4 (June 2003). No significant difference in Chl-a
content was observed among treatments at this site, indicat-
ing that nutrients were not limiting Chl-a production. In
addition, no significant difference in Chl-a content was
observed between site 1a and site 1 for all treatments.
However, Chl-a contents at sites 1a and 1 were significantly
greater than at sites 2 and 3, indicating that light was limiting
Chl-a production at sites 2 and 3.

The lack of algal growth response to nutrient enrichment
was not surprising, because ambient nutrient concentrations
in Moore’s Creek were generally greater than those that may
limit algal productivity. In Ozark streams, NO3−N concentra-
tions less than 0.1 mg L−1 often limit algal growth (Lohman
et al., 1991); however, NO3−N concentrations in Moore’s
Creek were greater than 0.1 mg L−1, suggesting that N
availability  may not be limiting algal growth. Additionally,
control treatment Chl-a results did not increase with
increased ambient NO3−N concentration, again indicating
that N was not limiting algal growth. Similarly, PO4−P
concentrations in Moore’s Creek were generally greater than
concentrations that may limit algal growth (i.e., 0.01 mg L−1;
Newbold, 1992). Additionally, the control treatment Chl-a
results did not increase with increased ambient PO4−P
concentration,  again indicating that PO4−P was not limiting
algal growth. Results from this study indicate that it is very
important to maintain a good riparian cover in nutrient-rich
headwater streams. If land management practices in such
watersheds result in removal of riparian cover, then an
increased algal production in the stream can be expected.

SEDIMENT-NUTRIENT INTERACTIONS

Average sediment exchangeable P concentration (EPC0)
ranged between 0.01 and 0.09 mg L−1. Some spatial and
temporal variation was observed in sediment EPC0 at the
sites. However, spatial patterns across these sites were not
distinct among the different seasons, and no clear temporal
pattern in sediment EPC0 was observed at sites. A compari-
son of sediment EPC0 and water column PO4−P concentra-
tions suggested that sediments likely released PO4−P to the
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Figure 5. Comparison of estimate average (error bars indicate ± 1 stan-
dard deviation) sediment EPC0 with average ambient water column
PO4−P concentration in Moore’s Creek during study periods.
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Table 2. Estimated mean and standard deviation of Ex−P and PSI of
benthic sediments at three experimental reaches of Moore’s Creek

during June 2002, January 2003, March 2003, and June 2003.
Ex−P

(mg P kg−1 dry soil) PSI

Mean SD Mean SD

June 2002
Site 1 0.40 0.17 4.15 0.70
Site 2 0.17 0.08 4.33 0.32
Site 3 0.17 0.03 4.27 0.54

January 2003
Site 1 0.98 1.17 3.94 0.38
Site 2 0.41 0.02 4.03 0.66
Site 3 0.23 0.02 4.56 0.60

March 2003
Site 1 0.44 0.07 4.99 1.05
Site 2 0.89 0.93 3.22 0.14
Site 3 0.36 0.01 4.73 0.33

June 2003
Site 1 0.38 0.22 4.32 0.68
Site 2 0.38 0.11 3.43 0.42
Site 3 0.36 0.17 4.19 0.16

stream during winter (January 2003) and spring (March
2003) experiments because water column P was less than sed-
iment EPC0 (fig. 5). However, sediments were in equilibrium
with water column P or behaved as a temporary sink of P dur-
ing summer (June) (fig. 5). Annual average sediment EPC0
was compared to annual average water column P to verify
how sediment EPC0 and water column P were related. The re-
sults suggested that sediments were likely releasing P at the
most upstream site (site 1), where sediment EPC0 was greater
(p = 0.001) than water column P concentration. However,
sediment EPC0 was in equilibrium with water column P con-
centration at sites 2 and 3 when all data across each season
were considered.

The mean exchangeable P (Ex−P) varied between 0.4 and
0.98 mg kg−1 of dry sediment (table 2). These data were
consistent with the Ex−P concentration of 0.1 to 0.8 mg kg−1

reported by Haggard et al. (1999). It should be noted that
Ex−P is a very conservative estimate of loosely bound P and
should only be used to make relative comparisons among
sites and streams. Temporal variation in the amount of Ex−P
was observed only at site 3 (p = 0.07), where it was least
during June 2002 (table 2). Spatial variation in Ex−P was only
observed during June 2002 (table 2), where it was greatest at
site 1.

The mean P sorption index (PSI) varied between 3.2 and
5.0 in this study (table 2). These values were consistent with
the PSI range of 3.5 to 5.5 reported by Haggard et al. (1999).
Some temporal and spatial variations in PSI were observed
during the experiments. Temporal variation (p = 0.02) for PSI
existed only at site 2 (table 2), where it was less during spring
2003. However, spatial variability (p = 0.03) for PSI was
observed only during March 2003, where PSI at site 2 was
less than at sites 1 and 3.

NUTRIENT INJECTION
In general, no particular spatial or temporal pattern of net

uptake length (Sw) and mass transfer coefficient (vf) for
NH4−N was observed in this study (table 3). NH4−N
concentrations generally decreased between sampling sites.
In all injection experiments, except at site 2 in March 2003,

Table 3. Nutrient uptake lengths (Sw) and mass transfer coefficient
(vf) of NH4−N, DIN, and PO4−P at study sites in Moore’s Creek.[a]

Uptake Length,
Sw (m)

Mass Transfer Coefficient,
vf (× 10−5 m s−1)

NH4−N DIN PO4−P NH4−N DIN PO4−P

June 2002
Site 1 118 * * 1.44 * *
Site 2 96 * 189 1.65 * 0.84
Site 3 62 418 93 3.17 0.48 2.13

January 2003
Site 1 18 * * 8.29 * *
Site 2 32 * * 37.7 * *
Site 3 27 253 334 20.2 2.19 1.66

March 2003
Site 1 87 202 * 5.10 2.10 *
Site 2 * * 305 * * 9.85
Site 3 197 * 118 4.16 * 6.93

June 2003
Site 1 94 * 36 4.13 * 10.6
Site 2 98 647 309 4.34 0.66 1.38
Site 3 55 468 * 5.93 0.70 *

[a] An asterisk (*) indicates that the slope of the regression line used to esti-
mate Sw and vf was not significant (p < 0.1).

the slope of the regression line used for estimating Sw was sig-
nificant (p = 0.07). Sw for NH4−N in the injection experiments
ranged between 18 and 197 m and was consistent with a range
of 32 to 900 m reported in the literature (e.g., Marti and Sa-
bater, 1996; Butturini and Sabater, 1998; Haggard et al.,
2001; Simon and Benfield, 2002). The shortest Sw for NH4−N
was observed in winter (January 2003). The range of vf for
NH4−N varied between 1.4 × 10−5 and 3.8 × 10−4 m s−1

across all sites and was similar to the range reported by Hag-
gard et al. (2001) (1.9 × 10−5 to 9.6 × 10−5 m s−1, unpublished
data), Webster et al. (2003) (3.4 × 10−5 to 6.9 × 10−4 m s−1),
and Hall et al. (2002) (1.35 × 10−5 to 1.21 × 10−4 m s−1). The
smallest (p = 0.007) vf for NH4−N was observed during June
2002 across all sites, and the greatest vf was observed during
January 2003. The shortest (p = 0.007) Sw for NH4−N coin-
cided with the greatest vf for NH4−N.

Concentrations of NO3−N increased downstream of the
injection point during all the experiments, resulting in no
retention of NO3−N. The co-injection of NH4−N and NO3−N
might have resulted in increased NO3−N concentration
downstream of injection because of nitrification of injected
NH4−N. Measured increase in NO3−N concentrations along
with a decrease in NH4−N concentrations was used to
calculate potential net nitrification rates for injected NH4−N
for each experiment. On average, approximately 40% of the
injected NH4−N was estimated to be potentially nitrified
during the experiment. Results of this study indicate that
Moore’s Creek may not be assimilating NO3−N, especially in
the presence of NH4−N. Assimilation may be mostly caused
by nitrification; consequently, NO3−N is basically flushed
downstream through the water column without any signifi-
cant removal. Royer et al. (2004) also reported that in
agricultural  headwater streams, most NO3−N was exported to
downstream water bodies at annual scale.

Dissolved inorganic N (DIN) was estimated as the sum of
NO3−N and NH4−N, and the downstream gradient during
injections was used to calculate Sw for DIN. Sw calculations
for DIN were significant for 5 out of 12 injections, ranging
between 202 and 647 m (table 3). Estimated Sw for DIN was
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longest among all the estimated uptake lengths during all the
injections, showing that the DIN was not assimilated by the
stream as efficiently as PO4−P.

Concentrations of PO4−P generally decreased down-
stream of the injection point at all the three sites. In 7 out of
12 injections, calculated Sw for PO4−P was significant (p =
0.05). Sw for PO4−P in the injection experiments ranged
between 36 and 309 m (table 3) and was consistent with the
range of 5 to 900 m reported by several other studies
(e.g., Marti and Sabater, 1996; Haggard et al., 2001).
Generally, there were no consistent spatial or temporal
patterns in Sw for PO4−P at any sites or during any season.
Estimated vf for PO4−P varied from 8.4 × 10−6 to 1.1 × 10−4

m s−1 across all the sites and was comparable to values
observed in other investigations: 7.2 × 10−5 to 1.7 × 10−4 m
s−1 (Davis and Minshall, 1999) and 3.2 × 10−5 to 1.93 × 10−4

m s−1 (Hall et al., 2002). Similar to NH4−N, the shortest Sw
for PO4−P coincided with the greatest vf. Results from this
study indicate that even in nutrient-rich streams, PO4−P is
assimilated within the stream segment. Any increased PO4−P
load from the watershed may likely be assimilated, to some
extent.

CONCLUSIONS
Results indicated that nutrients were not limiting algal

growth in Moore’s Creek; light was likely the limiting factor.
The watershed management decisions to protect water
quality in nutrient-rich streams must consider riparian area
management,  as a loss of riparian shading may result in
significant algal production in the stream. The sediment-nu-
trient interactions data suggested that sediments were
playing an active role in controlling water column P
concentrations;  benthic sediments likely released PO4−P to
the overlying water column during winter and spring, and
were either in equilibrium with water column P or likely
behaved as a temporary sink in summer by adsorbing water
column PO4−P. A distinct temporal variability in sediment
equilibrium P concentration also indicated that sorption of P
by benthic sediment may not strictly be an abiotic process.
Increased microbial activities in benthic sediments may play
an important role in reducing water column P concentrations
in summer. Some spatial and temporal variability in the
measured P sorption index and exchangeable P were
observed.

Short-term nutrient injection results indicated that NH4−N
was efficiently assimilated in the stream, apparently from
nitrification.  However, NO3−N was not assimilated, indicat-
ing that agricultural headwater streams may be a significant
source of downstream NO3−N transport. Injected PO4−P was
assimilated in the stream, indicating that even nutrient-rich
streams may continue to assimilate increased loads of PO4−P
and alter the timing and magnitude of downstream transport
of P.
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